TRANSPORT OF POLLUTANTS

1.1 INTRODUCTION

Pollutants are dispersed in aquatic systems through advection and mixing. Although
mixing occurs at the molecular level and by eddy diffusion, it is the eddy diffusion
which is of primary interest in actual systems. Mixing is important for the effective
dispersal of pollutants from a wastewater outfall into a lake, coastal zone, or estuary.
Dispersal is aided by a high exit velocity, currents in the coastal zone, or river flow
velocity. Horizontal mixing in lakes can be impeded by the development of thermal
fronts, which are particularly prevalent during the spring warming period in nearshore
areas lakes (Christensen et al., 1997). The thermal front is formed when lake water
that is cooled below 4°C meets nearshore water that has been warmed to a higher
temperature to form a vertical barrier of 4°C water. This barrier moves out into the
lake and becomes less distinctive as spring warming progresses.

In most lakes and nearshore areas, thermal stratification will develop during the
summer, and this effectively isolates the warm epilimnion, or upper layer, from the
cold hypolimnion or bottom layer. The intensity of vertical mixing can be inferred
from density gradients or by measurement of >?>Rn or the tritium—helium-3 pair.

Other phenomena such as up and down welling and inertial Kelvin waves
(Wetzel, 1975) can influence water currents and temperatures, which is reflected
in the temperature records of water intakes for the Great Lakes. For coastal areas,
tides can be of great significance in creating nearshore currents. In the Bay of Fundy
on the US east coast, the fjord configuration acts to amplify the difference in water
levels between ebb and flood to a total of 18—22 m. While many ocean wastewater
outfalls are beyond the direct influence of these currents, they have the potential to
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disperse pollutants during ebb, but also to exacerbate pollutant impact on coastal
areas during flood.

Pollutant plumes of groundwater can occur as a result of BTEX (benzene,
toluene, ethylbenzene, and xylene) compounds leaking from underground storage
tanks (Frieseke and Christensen, 1995) or from low molecular weight organics
used in dry-cleaning operations. Nitrates from fertilizers can also create significant
groundwater pollution (Lee et al., 1995). For groundwater, the dispersion coefficient
is proportional to the pore velocity, and plume retardation may occur as a result of
partitioning to the solid organic phase.

Dissolved organic carbon (DOC), such as humic acid, can increase the rate of
transfer of hydrophobic chemicals such as PCBs (polychlorinated biphenyls) and
PBDEs (polybrominated diphenyl ethers) between the aqueous and sorbent phases
(ter Laak et al., 2009). The DOC—water partition coefficient Kpoc (1/kg) increases
with planarity of PCBs, apparently reflecting increased sorption for PCBs with one
or no ortho-substituted carbon atoms. The facilitated transport can be important for
uptake by organisms or passive samplers when equilibration is slow or occurs under
time-varying conditions.

Mixing in aquatic sediments is of interest both for the distortion it can impart
on historical records of particle-bound pollutants (Christensen and Karls, 1996)
and because of the increased chance of pollutant release from the sediment to the
water column of in-place pollutants (Christensen et al., 1993). The formulation of
the advection—diffusion equation depends on whether or not the tracer (pollutant) is
associated with settling particles or colloids (Fukumori et al., 1992).

1.2 ADVECTION-DIFFUSION EQUATION WITH REACTION

The general form of the 3-D advection—diffusion equation for aquatic systems is,

dc | duc  dvc . dwc d dc d dc d dc
—+—+—+—=—(D—)+— D2+ 2 (p.2%) +r (1.1
ot o0x  dy 0z ox \ tox 6y< ’0y> ()Z( Z@Z) (1)

where
¢ = concentration of a species,
t=time,
u, v, w = water velocities in the x, y, and z directions, respectively,
D, Dy, D, = eddy diffusion coefficients in the x, y, and z directions,
respectively, and,
R = production rate of the species per unit volume.

The molecular diffusivity in water is 2 x 107> cm?/s (Weber and DiGiano, 1996).
For oceans and lakes, the horizontal eddy diffusivities D, and D, are in the range of
10*-10% cm?/s, and the vertical diffusivity D, is between 10! and 10 cm?/s.

The water velocities u, v, and w are either measured or may be obtained from
the momentum conservation equation, i.e., the Navier—Stokes equation (Weber and
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DiGiano, 1996). In the case of groundwater, this equation is reduced to the Darcy
equation, which states that the average groundwater velocity is proportional to
the gradient of the hydraulic head. For sediments, the velocity relative to the
sediment—water interface is derived by dividing the mass sedimentation rate by the
bulk sediment density p, where p can be modeled based on soil mechanics concepts
(Fukumori et al., 1992).

As will be shown below, simple versions of Equation 1.1, especially one-
dimensional cases, can be solved analytically. More realistic configurations can be
addressed by finite differences or finite elements techniques.

A version of the one-dimensional advection—diffusion equation for solute trans-
port, including advection, dispersion, and transient storage, was considered by Cox
and Runkel (2008). The authors included both fixed grid (Eulerian) and traveling con-
trol volumes (Lagrangian). The Lagrangian approach has the advantage that advec-
tion is zero; therefore the mass losses that are often seen in Eulerian approaches
are eliminated. However, the Lagrangian method has the numerical inconvenience
of non-fixed and possibly deforming grids. The mass losses and oscillation and dis-
persion problems experienced in the Eulerian approach can be eliminated by reducing
the grid Peclet numbers (P = UAx/D) and Courant numbers (CN = UAt/Ax) at the
expense of increased computation time. Here U is flow velocity, Az is time step, Ax
is the grid size, and D is the dispersion coefficient. Cox and Runkel proposed a com-
bined approach in which the grid is fixed through interpolation and back-tracking of
moving cell flow paths.

Another example of the application of Equation 1.1 is shown by Li et al.
(2008), where the one-dimensional advection equation, modified with a solid phase
attachment term, was used to model transport and deposition of fullerene (Cg)
nanoparticles in water-saturated porous media. These particles currently have several
applications in, for example, biomedical technology and cosmetics, and, because
of their toxicity to aquatic biota and human cells, an understanding of the fate and
transport of these nanoparticles is important. They have negligible solubility in
water but can form stable nanoscale aggregates (nCg) by acquiring negative surface
charge. Li et al. (2008) found that clean-bed filtration theory, modified to consider
shadow zones and surface charge heterogeneity, could be used to predict (nCg)
transport in saturated porous media.

While the emphasis in this chapter is on the quantitative prediction of pollutant
transport by means of equations such as Equation 1.1, one should realize that tracers
can play an important role in the estimation of fate and transport of pollutants. An
example of this is the use of stable '*’I and radioactive '?°I to evaluate the dispersion
of I from the French nuclear reprocessing facility in La Haque (Hou et al., 2007).
From measurements of '2’I and '?®I in the English Channel and the North Sea it
was found that the influence of the La Haque facility on '*°I distribution is clearly
reflected in surface water of the North Sea. It was also concluded that reduction of
iodate (I057) to iodide (I7) in I is a relatively fast reaction during transport to
the European continental coast, while oxidation of I” to IO;~ is low between coastal
areas and the open sea. The application of tracers to pollution plumes will be further
explored in Chapter 9.
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Figure 1.1. Definition sketch for a one-dimensional advection—diffusion equation with
reaction.

1.3 STEADY-STATE MIXING IN ESTUARIES

Consider the simplified sketch of a stretch of an estuary or river in Figure 1.1.
Mass balance equations for water and pollutant of concentration ¢ may be writ-
ten as:
Inflow + Discharge = Outflow,

or,
0O+ qdx = Q + (dQ/dx) dx 12)
(1.
M + gc;dx = M + (dM /dx)dx
where
Q = water flow m? /s,
g = discharge per unit length m?/(m s)
M = pollutant mass flow kg/s
¢; = concentration of pollutant in the discharge kg/m?>.
From Equation 1.2 we obtain,
a9 _
e
* (1.3)
am _
o dei
From Fick’s law, the pollutant mass flow M may be expressed as,
M= Qc—AD% (1.4)
dx

where A (m?) is the cross sectional area of the estuary and D (m? /s) is the diffusion
(dispersion) coefficient of diffusivity. If A and D are independent of x we obtain from
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Equations 1.3 and 1.4, ,
0 dc dc _q
=L _pft 2L - 1.5
A dx x> A € =0 (1.5)
In the case where ¢; > ¢ the second term on the right hand side drops out. This
result could also have been obtained directly from the 3-D advection—diffusion

equation, Equation 1.1.

1.3.1 Determination of Diffusivity D from Salinity Measurements

Diffusivity D may be estimated from measurements of salinity in an estuary
(Harremogs, 1978), or from conductivity in a freshwater estuary such as the Fox
River, Wisconsin, United States, which empties into Green Bay. For an infinitely
long estuary (Figure 1.2a), the net flow of salinity M at any value x must be zero
under steady-state conditions. Thus, from Equation 1.4,

L,
¢ = cyeAb (1.6)

where ¢ is the ocean salinity. If the measured value of the salinity is ¢, at the position
x, the diffusivity D may be calculated from Equation 1.6,

Ox 1

€0

1.7)

For the case of a uniform estuary with even discharge (Figure 1.2b), we obtain,

de _ QO _ qx

© o == 1.8
dx_ AD"~ AD® (1:5)
When this is inserted into Equation 1.4 with M = 0 we obtain,
¢ = ¢ ep @) (1.9)

where ¢; is the ocean salinity and L is the estuary. One example of a solution for
c is shown in Figure 1.2b. Thus if the salinity is measured to be ¢, for x = 0, and
diffusivity D can be expressed as,

ql?

D=
241 L
Co

(1.10)

1.3.2 Pollutant Prediction for an Estuary with Uniform Discharge

For a conservative, the net mass transfer across a boundary at x under steady-state
conditions (Figure 1.3) is equal to the mass discharge into the estuary from the left
of the boundary,

M=qxc—AD£ = gxc (1.11)
dx a
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Figure 1.2. Determination of diffusivity D from salinity measurement in (a) an infinitely long
estuary, and (b) a uniform estuary with even discharge. (Source: Adapted from Harremoés
(1978))

This equation may be integrated to give,

% _ '%<1'(%>2> (1.12)

where ¢, is the pollutant concentration in runoff and ¢, is the pollutant concentration
at the mouth of the estuary. Pollutant concentrations according to this equation are
plotted for both ¢; > ¢, and ¢; < ¢, in Figure 1.3.
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Figure 1.3. Conservative pollutants prediction in uniform estuary with even discharge.
(Source: Adapted from Harremoés (1978))

In the case where the pollutant is non-conservative, e.g. nitrogen lost by
de-nitrification processes to the sediments, Equation 1.11 may be modified as
follows: d

c
M=qxc—ADa = gxc, — War, (1.13)

where W is the width (m) of the estuary and r, (kg/ (m? s)) is a zero order removal
rate. The solution to this equation is

< Wra>

c—|c, — 2 N2

) ()
Wr,

L=\ 6~ .

In order to determine r, one may measure the pollutant concentration ¢ at any
point in the estuary, and then solve the above equation for r,,.

(1.14)
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Figure 1.4. Determination of diffusivity D from salinity measurements in an infinite estuary
with a large freshwater discharge. (Source: Adapted from Harremoés (1978))

1.3.3 Salinity in an Infinite Estuary with a Large Freshwater Discharge

The case of an infinitely long estuary with a large freshwater discharge, e.g. from
a sewage treatment plant, is considered next (Figure 1.4). The net outflow of salin-
ity into the ocean is still zero both upstream and downstream of the discharge point
(x=—-L):

Upstream, M = Qc —AD% =0 (1.15)
x

Downstream, M = (Q+ Q,)c — AD% =0 (1.16)
X

where Q, (m?/s) is the freshwater discharge from the point source. Equations 1.15

and 1.16 are solved using the following boundary conditions:

x=0 cq =g
x==L «c¢,=c;=¢f (1.17)
x— -0 ¢,—0
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where c; and ¢, are the downstream and upstream solutions, respectively. The solu-
tion can be expressed as,

c 0

24— eapth (1.18a)
‘L

C 0+0s

A _eTip Y (1.18b)
Co

A sketch of this solution is shown in Figure 1.4. From Equation 1.18b we obtain
with ¢; = ¢; forx = —L:

+
_0+0, 1
A In &

‘L

D (1.19)

Therefore, diffusivity D can be calculated based on the measured salinity c; at
x=-L.

1.3.4 Conservative Pollutant Prediction for an Infinite Estuary with a Large
Freshwater Discharge

With the diffusivity calculated from salinity as a natural tracer, e.g. according to
Equation 1.19, it is now possible to predict the distribution of a conservative pol-
lutant that is discharged from the point source with the concentration ¢, (Figure 1.5).
The net mass transfer of the pollutant of concentration c in the upstream area at any
value of x is zero for steady-state conditions,

M = Qc —AD@ =0 (1.20)
dx

However, for the downstream section, the mass transfer at any boundary must
equal the pollutant mass discharged from the point source,

M = Qc —AD@ =Qc.. (1.21)
dx

sTS

The upstream and downstream solutions to Equations 1.20 and 1.21 with the same
boundary conditions as for the salinity distribution, Equation 1.17, can be expressed

as,
QS o Q+st
cd=Q+QsCs+ CO_Q+Qscs * € AD (122)
QS Q‘y _0+0y 0
Cy = [Q — Qscs + (co “ o= Qscs> e~ 4D L] * eap WD) (1.23)
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Figure 1.5. Conservative pollutants prediction in infinite estuary with a large freshwater dis-
charge. (Source: Adapted from Harremoés (1978))

The above solutions are indicated in Figure 1.5 along with the limiting cases of
D — oo corresponding to vigorous mixing (¢ = ¢;), and D — 0 reflecting little mix-
ing. In the latter case, the pollutant concentration is given by

2
0+0;

¢ (1.24)

in the downstream area (x > —L) and ¢ = 0 upstream (x < —L). In the downstream
area, this is, of course, the same as would be obtained by simple dilution of the effluent
with the estuary flow. The actual pollutant concentration falls between those of the
limiting cases in the downstream area, and is also noticeable (> 0) upstream of the
discharge point (Figure 1.5).

1.4 TIME-DEPENDENT MIXING IN RIVERS AND SOIL SYSTEMS
The one-dimensional (1-D) advection—diffusion equation may be written as,

dc 0’c _ dc
Yox T o2 T o (129
where the notation is the same as Equation 1.1 except that the velocity in the x-
direction v has been named and the subscript for the diffusivity D has been dropped.
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Consider the case where a slug of pollutant M (kg/m?) is released into a river
at x = 0, = 0. Initially, ¢ = 0 everywhere at t = 0, except at x = 0. The boundary
conditions are that ¢ = 0 for x - +oo and that the following condition holds,

M =/ c(x, t)dr (1.26)
v 0

This equation expresses the fact that the total mass per unit area passing through
a boundary at x must equal M.
With these conditions, the solution to Equation 1.25 is (Haas and Vamos, 1995):

2
exp <—%> . (1.27)

C =

M
V4nDt

Typical solutions following the release of a conservative pollutant to a river
are shown in Figure 1.6. When the diffusion coefficient is low (1.4 x 10° cm?/s,
Figure 1.6a), the peak is sharp and the max value high. As the slug moves down-
stream, the contaminated area widens and the peak drops. A similar picture is
apparent when the diffusivity is higher, except that the bell-shaped curve is more
spread out (Figure 1.6b).

From Equation 1.27 we can derive the following relationship,

1 do*?
D=-—, 1.28

2 dt (128)
which can be used for an observational or experimental determination of D from the
spread over time of a colored or otherwise identifiable pollution patch. This expres-
sion was, for example, used in a court case to estimate diffusivity based on the pol-
lution plume in Lake Michigan from a wastewater treatment plant in Milwaukee,
Wisconsin (Mortimer, 1981).

To illustrate the application of Equation 1.28, consider Figure 1.6a from which we

estimate D as follows:
_ 1(1.0)> - (04)* km® km?

=0.0532 (1.29)

D2 8h h

which is close to the actual value of 0.05 km?/h.
The horizontal diffusivity in the flow direction of a river may also be estimated
from the equation (McQuivey and Keefer, 1974):

D= 0058-2 (1.30)

oWo
where
Q, = volumetric flow rate,
W, = width of the river, and
Sy = slope of the specific energy curve.
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Figure 1.6. Transport and dispersion of a slug of pollutant of M = 1000 kg/m? in a river with
v=1km/h and (a) D = 0.05 km?/h and (b) D = 1 km?/h.

Rather than an instantaneous release of a slug of a pollutant, a continuous discharge
may occur. Consider, for example the continuous leakage of contaminated water into
a semi-infinite system such as soil. For such a case, the solution to Equation 1.25 may
take one of the following forms (Gershon and Nir, 1969):

S Lo | 222 4 Leyp (%) erfc (” ”’> (SINF1): (131)

¢ 2 | 2v/Dr| 2 24/ Dt

_ t
c—leerfc X — vt —lexp<%>erfc X+ vt *[1+U(X+U)]
% 2 |2vpDif 2 D 2v/Dr b

2

t vx 1( x+uvt

— - - = SINF2); 1.32
+U\/nD€XPD 2<\/D_t> ( ) (1.32)
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where x is the depth below the surface. The initial condition for both equations is
c(x,t) = c(x,0) = 0, i.e. no contamination in the soil initially. The exit boundary con-
dition is also the same for the two equations, i.e.

%—>Oforx—>ooallt
ox

However, the two solutions differ with regards to the inlet boundary condition. For
Equation 1.31, the inlet condition is,

c=cyforx=0all¢

This would be the case in a horizontal column experiment with one end kept at
constant concentration. Conversely, a vertical system, e.g. infiltration of leachate into
the ground from a landfill is governed by the following flux condition:

(ve- D% >x=0+ = Jy = v¢, (1.33)
This is the inlet boundary condition that applies to Equation 1.32. Note that this is
the same type of boundary condition that applies to the influx of a pollutant or tracer
into a sediment from the water column (Guinasso and Schink, 1975; Christensen and
Bhunia, 1986).
Example solutions, SINF1 and SINF2, according to Equations 1.31 and 1.32 are
shown in Figure 1.7. The parameters are here v = 10 m/d, x = 10 m, and D equal to

S 10
CO
(a)
08| )
c
K] -
©
£ o6l )
[0
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[
S r SINF1
2 g4 SINF2 )
kS
[0]
s |
02l )
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05 1.0 2.0 05 1.0 20 Time
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Figure 1.7. Relative concentration vs. time at x = 10 m for v = 10 m/d and (a) D = 0.5 m?/d
and (b) D = 10 m?/d of pollution released at a constant rate for > 0 at x = 0.
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either 0.5 m?/d (Figure 1.7a) or 10 m?/d (Figure 1.7b). Note that the front is spread
out as D increases. Also, SINFI is higher than SINF2 when mixing is significant
(D = 10 m?/d), and the latter curve, for which the flux inlet condition applies, passes
through ¢, /¢, = 0.5 forz = 1 d. Thus, the flux condition curve progresses into the soil
with the velocity v = 10 m/d; whereas the mid-point of the concentration condition
curve has reached x = 10 m in 0.92 days, i.e. travels 9% faster.

Even though velocities, distances, and diffusivities are much lower in the soil infil-
tration system (Figure 1.7) than in the river (Figure 1.6), the ratio between advective
and diffusive transport, i.e. the Peclet number,

vz
D

Pe = (1.34)
is the same in the two cases. Therefore, the time taken to double the concentrations
in the soil system may be inferred from the scaled distributions of the river system.
The solutions shown in Figure 1.7 were obtained from a table of the error function.
An abbreviated version is shown in Table 1.1. For high values of the argument x, the
following series expansion was used (Lapidus and Amundson, 1952).

~ 11 13 5
erfe(|x|) = exp(—x )ﬁ [; st rsogat ] (1.35)

1.5 VERTICAL MIXING

The vertical diffusivity in a water body may be determined from the 2>?Rn distribution
in the water column, by using the tritium—helium-3 method, or from the vertical den-
sity gradient. For lakes, the vertical diffusivity reflects the degree of mixing, which
has an impact on the distribution of dissolved oxygen and nutrients. Mixing can make
nutrients in the hypolimnion available to bacteria and other organisms in the epil-
imnion, and the dissolved oxygen levels of the lake will generally increase so as to
sustain the fish population and promote aerobic microbial decay.

In a stratified lake nutrients may not be readily available in the epilimnion, and
low DO concentrations in the hypolimnion can cause fish deaths. In order to remedy
this, artificial de-stratification can be used. Two types are commonly used: a diffuser
system with injection of air near the bottom of the lake (Schladow and Fisher, 1995),
and an axial flow system, with impellers placed below the water surface, moving
warm, well-aerated lake water downward (Lawson and Anderson, 2007).

An axial flow system for de-stratification and mixing in Lake Elsinore, California,
was investigated by Lawson and Anderson (2007). The lake is relatively shallow with
typical depths from 3 to 7 m. It is polymictic, i.e. too shallow to develop stable ther-
mal stratification. The axial pumps had little effect on stratification and DO levels in
the lake. Measurement from an Acoustic Doppler current profiler showed inefficient
lateral transmission of mixing energy into the water column. This was probably due
to excessive turbulence near the axial pumps, the shallowness of the lake, and the
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relatively flat lake bottom. Winter storms in 2005 had a larger effect on water column
parameters than the axial pumps.

A shallow mixing depth can be of concern for drinking water supplies as a result
of the potential for excessive algal growth, as recently documented for tributary bays
of the Yangtze River near the Three Gorges Bay in China (Liu et al., 2012). Investiga-
tors studied the Xiangxi Bay of the Three Gorges Bay and suggested that blooms of
blue-green algae, i.e. cyanobacteria, could be prevented from appearing during sum-
mer months by keeping Z,,/Z,.;x where Z,, and Z,;, are the depths of the euphotic
and mixing zone, respectively, under a certain threshold value. Because Z,, does not
change much during the year, this is equivalent to making sure that the mixing depth
is sufficiently large.

Short-term controlled fluctuations of the water level in the Three Gorges Reser-
voir may be an appropriate management strategy to prevent excessive algal growth in
Xiangxi Bay. As shown by Liu et al. (2012), an increase in the water level followed by
a comparatively rapid decrease will initiate vertical density currents in Xiangxi Bay
that will increase the mixing depth, resulting in reduction of the chlorophyll content
of the Bay.

Sufficient vertical mixing is important for wastewater outfalls, particularly ocean
outfalls from large population centers such as Los Angeles or New York. Adequate
vertical mixing will ensure a high degree of dilution of the effluent. This is necessary
for minimizing coliform contamination of nearby beaches and any deleterious impact
of the effluent plume on aquatic life.

1.5.1 The Radon Method

Application of the advection—diffusion equation, Equation 1.1 in the vertical direc-
tion for the water column of a lake gives (Imboden and Emerson, 1978),

0%c

D.25 — =0 (1.36)

Z

where c is the activity of 2>Rn per volume unit, dpm/l, and A is the decay constant.
Since the half-life of 22?Rn is 3.83 d, the decay constant Az = 0.181 d~!. The z-axis
has its origin at the sediment—water interface and points up through the water column,
and the origin is at the lake bottom.
The solution to Equation 1.36 with ¢ = ¢0 at z =0 and ¢ — 0 for z - oo (deep
lake) is,
AR

=cpe™ " a=q/= 1.37
c(z) = cpe a D (1.37)

Z

Thus, from a plot of log z vs. z the slope —a, from which D, may be determined, can
be derived. Typical values of D, for a Swiss lake were 0.05-0.57 cm? /s (Imboden
and Emerson, 1978).
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1.5.2 The Tritium-helium-3 Method

This method is based on tritium (77 ;, = 12.33 yr) from bomb fallout (Torgerson etal.,
1977). Tritium decays to helium-3 by emission of f particles,

H - JHe (1.38)

The helium-3 will then be present in excess levels relative to the amount that is
in equilibrium with natural atmospheric helium-3, i.e. 0.00014% of 5.2 ppm. The
amount of excess helium-3 relative to the trittum content is a measure of how long the
water mass has been isolated from gas exchange with the atmosphere. Gas exchange is
maximal during the spring and fall overturns. Build-up of helium-3 from tritium decay
occurs during the winter under ice cover, or during summer when lake stratification
is maximal and the thermocline presents an effective barrier to gas exchange.

The tritium—helium-3 method may be used to estimate water mass ages and ver-
tical diffusivities. The following definitions apply,

(4He) i
A4He (%) = 4—“% - 1] *100% (1.39a)
("He)gy
(3He : 4He)mea§
8He(%) = | ————% — 1| = 100% (1.39b)
(*He : “He),,,
e 4 3e; 3 4 4 4
where A “He is the “He,, .., 6 "He is the "He excess and “He,,, “He,, and “He,,

are measured, saturation, and atmospheric values of “He contents respectively. The
ratios in Equations 1.39a and 1.39b are determined by mass spectrometry.

The water mass age ¢ is the minimum time since water mass has exchanged gases
with the atmosphere and it is determined from,

In [MJA]

t= 4 (1.40)
- ; ,

where
He,,cess = the atoms/g *He over the saturation value,
T =atoms/g tritium content, and

A =decay constant of tritium (0.05654 yr~!).

For ¢ < 1 yr, Equation 1.40 may be approximated with,

3
H
[: l eeXCeSS’ (1.41)
A T
or,
r=—L Y51 14) (days) (1.42)
= 0.002756 T ‘ Y '
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Figure 1.8. *He buildup and diffusion in the epilimnion of a lake. The graph shows § 3He—
3 He, % vs. depth. The curve is approximate for Lake Huron, August 1975 with z,, ~ 17 m,
D, ~ 13 m*/d. (Source: Adapted from Torgerson et al. (1977))

where
y="He content (1078 cc g‘1 STP)
T = tritium content in tritium units (1 tritium unit = a tritium atom per 10!
hydrogen atoms).

Torgerson et al. (1977) found water mass ages ranging from 75 days for Lake
Huron up to 150 days for Lake Ontario. A deeper sample generally gives a higher
water mass age.

The vertical diffusivity D, may be derived from the profile of helium-3 vs. depth
(Figure 1.8). This profile follows a parabolic curve, as may be seen from a box model
for He in a layer bounded at the bottom by the thermocline, and the top by a given
z-value:

o[*He*] 0*[*He*]
Y _AO+DUa—Z2 (1.43)

where
[*He*] =[*He] — [3He]solubility7
Ay = AT is the production rate for *He, i.e. No. of *He atoms generated

by tritium decay per cm® per second, and
T = tritium concentration, No. of tritium atoms per cm?.
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Assuming steady-state and the following boundary conditions,

o[*He*]

D
v 0z

=Ay(z,, —2) + F at depth z,
where z,, is the depth of the box at the thermocline, F is the input flux to the box,
and,

[*He*] = [*He*],, atz = O (water surface),

we obtain the solution,

Agzy +F A
[3He*]=[3He*]0+<—0Zm > -7

. 1.44
D T (1.44)

v 1%

When the thermocline is present, it presents an effective barrier to 3He flux such
that F = 0. This solution is shown in Figure 1.8 in units of § *He— 6 3H,, vs. depth
where 6 3He, is the & *He value at the surface. By fitting measured values of excess
helium-3 vs. depth to the model Equation 1.44, it is possible to estimate the vertical
diffusivity. Torgerson et al. (1977) found values of D,, ranging from 0.45 cm? /s for
Lake Erie to 1.56 cm? /s for Lake Huron and 2.93 ¢cm? /s for Lake Ontario during the
season of stratification, i.e. summer and early fall.

The tritium—helium-3 method can also be used to estimate groundwater age,
which is important for recharge rates, groundwater residence times, and the cali-
bration of flow models. However, because the aqueous phase molecular diffusion
coefficient for He is 3.6—5 times that of *H, the method can give misleading results
if it is used for a dual-domain aquifer. For aquitards where diffusive mass transfer is
the main transport mechanism, the tritium—helium-3 ages are likely to be artificially
raised because of the slower dispersion of H. Conversely, for a stream tube, i.e.
preferential flow path in a higher conductivity aquifer, the estimated ages can be
artificially lowered as a result of the preferential loss of *He by diffusion out of the
tube (LaBolle et al., 2006; Neumann et al., 2008).

Neumann et al. (2008) conducted simulations of the effects of mobile—immobile
domain mass transfer on the trittum—helium-3 dating method by considering the
transport along stream tubes. They confirmed results of field experiments from the
literature, and concluded that the tritium—helium-3 age is difficult to interpret when
mass transfer is on the same time scale as the half-life of tritium and the time since
the tritium peak was introduced; about 50 yrs.

1.5.3 Evaluation of Mixing Based on Density Gradients

The vertical diffusion coefficient D, may also be estimated from the density gradient.
Thibodeaux (1979) gave the following expression for D_,

1074
D =——, 1.45
: ‘1 dp ( )

p 0z
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which is valid within an order of magnitude. Here the depth zisinm and D, in cm?/s.
For example, for 1/p(dp/dz) = 107> m~!, which can be due to a temperature differ-
ence of about 2°C over 50 m in a coastal area (National Research Council, 1993), we
obtain D_ = 10 cm?/s .

For a submarine outfall, National Research Council (1993) gives the following

equations for the maximum rise height of the plume 4, (m) and initial dilution S,

1/3
Ap
q1/3<g >
_\NPr T

Niax = 2.84 e on, 7 (1.46)
(5:%)
and, s
0.31 <%> Rinax
S= 727 (1.47)
where

q = discharge rate per unit length of diffuser, m3/(m s),

g =acceleration as a result of gravity = 9.81 m/s?,
7” =relative density difference between effluent and receiving water, and
ap,

a;‘ = average ambient density gradient.

Consider a typical large discharge diffuser with a flow of 5 m®/s (114 mg d),
located in 60 m water depth, 10 km offshore. The z axis is vertical. With a 1 km long
diffuser, a relative density difference Ap/p = 0.027 and an ambient density gradi-
ent (=1/p,)dp,/0Z = 107> m~!, we obtain &,,,, = 31 mand S = 211. For increased
stratification, the ambient density gradient increases, reducing the plume rise and the
dilution.

1.6 HYDRODYNAMIC MODELS

In order to implement an advection—diffusion equation such as Equation 1.1 for dis-
persion of pollutants in the coastal ocean or lakes, knowledge of the velocity field is
required. The temperature and salinity profiles are also needed.

Blumberg and Mellor (1987) developed a three-dimensional hydrodynamic
model to predict these variables on the basis of the water continuity equation and the
Reynolds version of the Navier—Stokes equation for conservation of momentum,
and conservation equations for temperature and salinity. The Earth’s rotation is
taken into account through the Coriolis effect. This model, with later improvements,
is often referred to as the Princeton ocean model. Boundary conditions for the
Reynolds equation include known surface wind stress and associated friction
velocity. The friction stress and frictional velocity at the bottom must be specified.
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The temperature and salinity at boundaries are derived from climatology. Known
inflow and outflow determine open boundary conditions. The equations were solved
by finite differences, and produced circulation predictions that were quite realistic
when compared to available data.

The Princeton model was used to predict water circulation and mixing for the
New York Harbor complex, Long Island Sound, and the New York Bight, with a
variety of water-forcing as a result of wind, tides, and freshwater inflows in an area
with varying topography (Blumberg et al., 1999). A major objective was to improve
water quality management. The authors considered two 12-month periods; one from
October 1988 to September 1989 for model calibration, and a second from October
1994 to September 1995 for model validation. The grid was based on an orthogonal
curvilinear coordinate system. The model differs from most previous models in that
it includes large-scale phenomena over annual cycles. On the basis of comparisons of
results from an extensive monitoring program, it was found that the model was able
to produce elevations and currents with fewer than 10% and 15% errors respectively,
on time scales ranging from semidiurnal to annual.

The model was also used to estimate the effects of relocating sewage effluent from
Boston Harbor to a new sewage discharge site 14 km offshore in Massachusetts Bay
in a water depth of 30 m (Signell et al., 2000). The relocation occurred in year 2000.
Predicted variables included effluent dilution, salinity, and circulation.

The simulations demonstrated an overall reduction in the anthropogenic impact
on the marine environment following relocation of the outfall to Massachusetts Bay.
Effluent levels in the Harbor dropped by a factor of 10 from 1-2% to 0.1-0.2%. Efflu-
ent concentrations only exceeded 0.5% within a few kilometer from the new outfall.
During summer stratification, effluent released at the sea bed rises and is trapped
beneath the pycnocline, i.e. the zone where the water density profile changes rapidly,
limiting the local increase in effluent concentration to the lower layer; whereas surface
concentrations decrease relative to the harbor outfall.

Liu et al. (2006) provided an example in which the Princeton model was applied
to a freshwater environment. They considered a nearshore finite element transport
model for fecal pollution in Lake Michigan. The model included a water continuity
equation and a vertically integrated version of the momentum conservation equation.
Coupled to this, the model included an advection—diffusion equation for the trans-
port of Escherichia coli, Enterococci, and temperature. The latter equation included
a source or sink term for temperature reflecting shortwave radiation, long wave back
radiation, condensation, and heat flux from sensible heat transfer and heat inputs from
tributaries.

The model produced good agreement between observed and simulated bacteria
concentration at Mt. Baldy Beach, Indiana, except on Julian day 218, 2004, one of
3 days when the esp human pollution indicator was found. This suggested that there
was a significant input of fecal contamination that did not come from Trail Creek or
Kintzele Ditch. It was concluded that sunlight causes inactivation of bacteria in the
surf-zone, and that sunlight, temperature, and sedimentation provide a better descrip-
tion of inactivation than first-order kinetics.
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Hydrologic models can be adapted to simulate pathogen fate and transport as
demonstrated by Dorner et al. (2006) for Canagagigue Creek, Ontario, Canada. The
authors used an existing hydrologic model, WATFLOOD, that had been previously
calibrated for the Grand River Watershed including Canagagiaue Creek. The model
underwent revised calibration because of the inclusion of tile drainage and a smaller
grid size. Several waterborne pathogens were considered: Cryptosporidium spp. Gia-
rdia spp., Campylobacter spp. and E. coli O157:H7. Calibration was carried out for
E. coli by trial and error following calibration of the hydrologic model.

Application of the model to the pathogen E. coli O157:H7 produced results
within about one order of magnitude of the observed data. The sparsity of pathogen
data presents a challenge for model testing and prediction. The authors observed a
rapid increase in measured E. coli concentrations during storm events, suggesting
that re-suspended sediments can contribute significantly to measured bacteria
concentrations.

1.7 GROUNDWATER PLUMES

Application of Equation 2.1 to a one-dimensional groundwater system with reaction
gives,
dc D 6_20 _ dc

de _ de _ 14
o o Vax T (1.48)

where
¢ = concentration of a pollutant, ug/cm?, and
r =rate of which the pollutant is removed, pg/(cm? s).

In the case where there is partitioning of a chemical between the aqueous and soil
phase,
s =K,c (1.49)

where
s = pollutant concentration per mass unit of solids, pg/g, and
¢ = pollutant concentration in the aqueous phase, pg/cm?>.

Thus, the unit of the partition coefficient K is pore volume per mass unit of solids,
cm?®/g. The left hand side of Equation 1.48 becomes,

% dc

1 - K,— 1.
fpat+( @)py a3, (1.50)

where ¢ is the porosity, p, is the solids density, g/cm?, and c is the pollutant
concentration in the aqueous phase. Introducing the bulk sediment density, g/cm?,
p = (1 = ¢)p,, Equation 1.48 is transformed into:

K 2
|4 PRaNoc _ 1 (po7c  dc (1.51)
@ ) ot @ 0x? ox



SEDIMENT MIXING 23

The right hand side refers to the system of water and soil. In this system, pollutant
transport occurs only in the aqueous phase because the aquifer material is stationary.
Assuming that degradation, r, only takes place in the aqueous phase, we obtain:

dc_ D P v oc_ ki
of  1+Rox2 1+Rox 1+R

(1.52)

where
¢ = pollutant concentration in the aqueous phase, pg/cm?>,
v =pore water velocity, cm/s,
k, = reaction rate in the aqueous phase = r/¢, pg/(cm?s), and
R =retardation = (p K;)/¢.

Equation 1.52 has the same form as Equation 1.1 except that diffusivity, velocity,
and reaction rate have been multiplied with the retardation factor, R.F. = 1/(1 + R).
Thus, solutions such as Equation 1.27 for a pulse or Equations 1.31 and 1.32 for a
step function without reaction, apply to the above case when D and v are multiplied
with the appropriate retardation factor. It may be shown that the retardation factor is
equal to the mass of the pollutant in the mobile phase divided by the total mass of the
pollutant. From Equation 1.52 it can be seen that R.F. can also be expressed as,

v

RF.= 2L, (1.53)
U

where v, is the velocity of the pollutant (< v).

High molecular weight compounds that are strongly particle-bound will be slowed
down considerably; whereas low molecular weight compounds will experience mini-
mal retardation, and will therefore follow the plume of groundwater with only a small
delay. In fact, the groundwater system mimics a gas or liquid chromatograph, provid-
ing separation of various compounds according to their partition coefficients between
the mobile and stationary phases.

1.8 SEDIMENT MIXING

For sediments, many compounds of interest, e.g. 2!°Pb, Pb, 13Cs, PAHs, and PCBs,
are strongly particle-associated. The sediment particles themselves are mixed by bio-
turbation or physical action such that only the solid phase becomes of interest, except
when the mixing intensity is very small (Robbins et al., 1979; Officer and Lynch,
1989; Christensen and Bhunia, 1986). Sediment mixing is of interest because it can
distort historical records of pollutants in sediments, and can provide a means of
returning pollutants from the sediments to the water column.

While most early papers recognized just one category of particles participating
in the mixing process, Fukumori et al. (1992) found it to be necessary to distinguish
between settling (> 50 pm) and colloidal (> 2 pm) particles. The system of equations
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for conservation of pollutant and sediment mass may be written as,

0 0 aps dps
- — [ D— ) —Aps=— 1.54
az(Ups) * 0z ( 0z > 7= o (1.542)
0 ap
- = — 1.54b
aZ(/w) " ( )

with boundary conditions,

psv—D?:Jo(t) atz=0
az (1.55)
P _p atz=1
0z
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Figure 1.9. Comparison of experimental and calculated '3’Cs activities (a) in core NLM84E
and (b) in core NLM84B. The calculated curves are from a finite difference method. The calcu-
lated curves apply to both the case where '37Cs is associated with settling particles, and to the
case where '37Cs is associated with colloidal particles. (Source: Reproduced from Fukumori
et al. (1992), with permission from Elsevier.)
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where z (cm) is the depth below the sediment-water interface, v (cm/yr) is the
burial velocity relative to the interface, ¢ (y) is the time, D (cm? /yr) is the diffusion
coefficient, A(yr™!) is the radioactive decay constant, and p = (1 — ¢)p, is the bulk
density of sediment solids. The porosity is designated ¢ and the solids density
py = 2.45 (g/cm?).

The tracer and bulk solids Equations 1.54a and 1.54b are valid for colloids, e.g.
clay particles. For settling particles, the diffusive flux D d(ps)/0z should be replaced
by D p ds/0oz.

As an example of the application of these equations, consider Figure 1.9, which
shows measured and calculated values for '37Cs activity in sediments from northern
Lake Michigan (Fukumori et al., 1992). Distributions were calculated using a finite
difference method under the assumptions that '3’Cs is associated with colloidal clay
particles, which is known to be the case (Comans et al., 1991; Ab Razak et al., 1996),
and the hypothetical case where '*’Cs would be bound to larger settling particles.
The 137Cs input flux Jy () was taken from Health and Safety Laboratory (1977), and
the bulk sediment density follows a power function (Fukumori et al., 1992). From
Figure 1.9 it is clear that the colloidal interpretation for 3’Cs is the more accurate,
thus supporting Equations 1.54a and 1.54b. The high '3’Cs activity values (dpm/g)
near the top of the sediment in this case occur because of the low bulk density p in
this region. For 2!°Pb, which is associated with larger particles (Shimp et al., 1971;
Ab Razak et al., 1996), the alternate form containing a diffusive flux of D p ds/0dz
gives, as expected, better agreement between calculated and experimental activities
(see Fukumori et al., 1992).
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